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Standard toxicity tests assess the physiological responses of individual organisms to exposure to toxic substances under
controlled conditions. Time and space restrictions often prohibit the assessment of population-level responses to a toxic
substance. Compounds affecting various toxicity endpoints, such as growth, fecundity, behavior, or immune function, alter
different demographic traits and produce different impacts on the population. Chronic effects of immune suppression,
reproductive impairment, and growth reduction were examined using life history models for Chinook salmon (Oncorhynchus
tshawytscha). Modeled immune suppression acted through reductions in age-speciﬁc survival, with ﬁrst- and secondyear survival producing the greatest changes in the population growth rate (λ). A 10% reduction in various reproductive
parameters all produced a similar λ, but different sensitivity and stable age distributions. Growth reduction models
incorporated effects to both survival and reproduction and produced additive effects. Overall, model output indicated that
for Chinook salmon, alteration of ﬁrst-year survival has the greatest relative impact on λ. Results support the importance
of linking toxicity endpoints to the demographic traits that they inﬂuence and help generate toxicity tests that are more
relevant for the species. Life history modeling provides a useful tool to develop testable hypotheses regarding speciﬁc and
comparative population-level impacts.
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INTRODUCTION
The primary purpose of listing a species under the Endangered Species Act (ESA) is to conserve the genetic diversity of the species, recover populations to sustainable levels,
and to ensure high-quality habitat to support the population. Declining populations may be listed under the ESA
as evolutionarily significant units if they are reproductively
isolated and represent an important part of the species’ genetic diversity (Waples 1991). Factors known to contribute
to population decline include habitat degradation and loss,
overharvest, and chemical insult. Each of these factors has
contributed to the decline of the ESA-listed Pacific salmon,
including the Chinook salmon (Oncorhynchus tshawytscha).
Compliance with regulatory measures such as the Clean Water Act has prevented most acutely toxic chemical insults,
with the exception of accidental spills. Despite this progress, aquatic biota are often exposed to low concentrations
of toxic chemicals for extended periods of time. The U.S.
Geological Survey (USGS 1999) has identified 23 pesticides
in urban streams around the Puget Sound (WA, USA) watershed that provide habitat for ESA-listed salmonids, and ongoing studies have documented the presence of PCBs, PAHs,
and metals in Puget Sound marine sediments (McCain et al.
1990; Johnson et al. 1993; Landahl and Johnson 1993; Varanasi et al. 1993; Johnson et al. 1997). Although laboratory
testing may reveal physiological effects from these chronic
exposures, less is known about population-level effects in a
* To whom correspondence may be addressed james.meador@noaa.gov

Population-level effects

natural setting. This leaves a large gap in the protection of
declining species.
The physiological effects of toxic substances on individual organisms can be determined using standardized laboratory toxicity tests. Since the population-level effects of
these compounds are much more difficult to assess due to
the time and space limitations required to conduct appropriate experiments, the laboratory toxicity test results are often applied to population-level assessments. Consequently,
questions arise regarding the ecological significance of laboratory results. Laboratory tests are generally short and highly
controlled to accurately estimate physiological response,
but may not directly relate to population events in a natural setting. For instance, if two fi sh species have the same
physiological response and chemical sensitivity, toxicity test
results propose that both species will respond similarly to
environmental exposure. However, differences in life history
strategies (i.e., life stage survival rates, time to reproductive maturity, and reproductive frequency) profoundly alter
population persistence (Schaaf et al. 1993; Caswell 2001),
and therefore the same response at the individual level does
not necessarily equate to the same response at the population level. This divergence raises concerns for interpreting
the significance of a toxicity test measurement endpoint to
population-level effects.
The models discussed in this paper characterize chronic
toxicity endpoints related to immune function, reproduction,
and somatic growth. Immune suppression directly relates
to individual health and can alter survival rates. Reproductive toxicity effects can alter the reproductive contribution

Original Research

ABSTRACT

10

of individuals and age groups within a population. Inhibition of somatic growth potentially decreases both survival
and reproductive contribution. Through these pathways, the
toxicity endpoint categories relate directly to alterations in
life history parameters. They also represent active areas of
toxicological research. The objective of this project was to
determine how various sublethal toxic impacts may translate
to population-level effects in light of the life history strategy
of the focal species. We chose ocean-type Chinook salmon as
the focal species because of its ESA listing and known exposure to chemical contaminants in some areas of Puget Sound.
The overall goal of the project was to gauge potential population-level impacts due to contaminant exposure and to compare different biological responses. Information gained here
will guide further research activities and actions to protect
endangered salmonids and ecosystem function.
Immune toxicity scenarios
Chinook salmon exposed to environmental concentrations of contaminants experience immune suppression and
increased susceptibility to disease. Some effects include suppression of immunological memory due to PAH and PCB
exposure as measured by primary and secondary plaqueforming cell (PFC) responses (Arkoosh et al. 1994). Compromised immune function was investigated in juvenile Chinook collected from urban and nonurban estuaries in Puget
Sound that were exposed to Listonella anguillarum (Vibrio
anguillarum) in the laboratory (Arkoosh et al. 1998). Fish
from the urban estuary were more susceptible than fi sh from
the nonurban estuary to mortality from L. anguillarum exposure during the juvenile stage. Significant differences in
mortality were seen even 2 months after removal from the
contaminated areas, suggesting that individuals exposed to
chemical contaminants may have a higher predisposition to
infection. Repetition of the project in a controlled setting exposed saltwater-adapted juvenile Chinook to contaminants
representative of Puget Sound sediment followed by exposure to L. anguillarum. The juveniles experienced greater
mortality from L. anguillarum after chemical exposure (Arkoosh et al. 2001). It is not clear whether juvenile immune
suppression leads to effects at later ages or if open ocean
chemical exposures result in sufficient tissue concentrations
to trigger immune suppression. A recent laboratory study by
Milston et al. (2003) observed humoral immunosuppression
1 year after a 1-h exposure followed a month later by a 2-h
exposure of Chinook embryos to sublethal concentrations of
dichlorodiphenyldichloroethylene.
Reproductive toxicity scenarios
Exposure to contaminants has been shown to alter reproductive endpoints such as fecundity, egg survival, spawning
behavior, and time to reproductive maturity in affected fi sh.
Chen et al. (1986) fed rainbow trout PCB-contaminated diets at 0.3 µg/g body weight for 6 months and observed a significant suppression of vitellogenin production. Ankley et al.
(1991) observed an inverse relationship between maternally
transferred PCBs in eggs and hatching success in Chinook
salmon at approximately 100 pg TCDD-EQ/g egg. Lower
gonadal/somatic index and hormone levels have been observed in rock sole (Pleuronectes bilineatus) and English sole
(Pleuronectes vetulus) from PCB-contaminated sites (Johnson
et al. 1998). The same paper also showed higher fecundity
but smaller egg size and lower fertilization rates in fi sh from
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the heavily PAH-contaminated site, Eagle Harbor (Johnson
et al. 1998). One cause could be selection for individuals
with higher fecundity due to the imposed higher mortality
rates. Sunfi sh (Lepomis auritus) populations in a river receiving bleached kraft mill effluent exhibit a shift to higher average age and larger average size, suggesting a failure in recruitment after this long-term exposure (Adams et al. 1992). In
addition, concern has been raised about some environmental
pollutants that exhibit hormonal activity and cause disruption of the reproductive endocrine system or directly affect
gamete viability (Kime 1999).
Growth inhibition scenarios
Many compounds, including metals and organics, inhibit
somatic growth in fi sh (Roch and McCarter 1984; Finlayson
and Verrue 1985; Glubokov 1990; Stein et al. 1995; Hansen et al. 2002). Size has been linked to age-specific survival
rates, age at reproductive maturity, fecundity, and spawning
success (Bagenal 1969; Roff 1984; Sigler and Sigler 1987;
Wootton 1992; Koztowski 1996). Therefore, alterations in
somatic growth may affect life history traits, including agespecific survival and reproductive traits. However, these impacts may be reduced when sufficient food is available. Chinook salmon fry exposed to mixtures of copper, cadmium,
and zinc at environmentally relevant concentrations for 21
weeks showed significant effects on growth, but not survival
(Roch and McCarter 1984).

METHODS
General models
The investigation of population-level responses to various toxic impacts used projection matrix models. Projection
matrix methods followed Caswell (2001) for calculating the
transition matrix (Figure 1) from the life history graph and
determining the population growth rate and stable age distribution, and for conducting sensitivity and elasticity analyses.
Individuals within a population exhibit various growth,
reproduction, and survivorship rates depending on their developmental or life history stage or age. These age-specific
characteristics are depicted in the life history graph (Figure
1) in which transitions are depicted as arrows. The matrix elements represent transitions corresponding to reproductive
contribution or survival, located in the top row and the subdiagonal of the matrix, respectively. The survival transitions
in the life history graph were incorporated into the n × n
square matrix (A) by assigning each age a number (1 through
n), and each transition from stage i to stage j becomes the
element aij of matrix A (i = row, j = column) and represent
the proportion of the individuals in each age passing to the
next age as a result of survival. The reproductive element
(a1j) gives the number of offspring that hatch per individual
in the contributing stage, j. The reproductive element value
incorporates fecundity, fertilization success, hatch success,
number of spawning events per year, fraction of females in
the age that are sexually mature, and the fraction of females
in each age. Reproduction in the model occurs at the end of
each iteration (year) following all other survival events.
A life history model was constructed for ocean-type
Chinook salmon (O. tshawytscha) with a maximum age of
5 years. Transition values were determined from literature
data on survival and reproductive characteristics (Healey
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Figure 1. (A) Life history graphs and transition matrix for Chinook salmon. The life history graph for a population with age-speciﬁc reproduction with the ages
labeled 1 through 5 and each transition element labeled according to the matrix position, aij, i row, j column. Dashed lines represent reproductive contribution
and solid lines represent survival transitions. (B) The transition matrix for the life history graph depicted in (A) with reproductive (RTi) and survival (STi) toxicity
multipliers. The life history graph (A) can be broken down into 3 loops (C–E) according to age-speciﬁc reproduction, which will be referred to as reproductive
pathways.

and Heard 1984; Fast et al. 1988; Roni and Quinn 1995;
Ratner et al. 1997; PSCCTC 2002). It is assumed that no
overall shifts in energy balance occur since the models represent low-level chronic impacts. Therefore, effects can be
treated as independent responses such that, for example, an
impact on immune function and the corresponding physiological compensation will not result in energy trade-offs that
reduced somatic growth or reproduction. All characteristics
of each population exhibit density-independent dynamics,
except fi rst-year survival in the density-dependent models.
The populations are closed systems, allowing no migration
impact on population size. No stochastic factors are included. Ocean conditions, freshwater habitat, fi shing pressure,
and resource availability are assumed constant and densityindependent.
A prospective analysis of transition matrix A as described

by Caswell (2001) explored the population growth rate as
a function of the vital rates. The population growth rate, λ,
equals the dominant eigenvalue of A and was calculated using matrix analysis software (MATLAB version 6.5.0, The
Math Works, Natick, MA, USA). The stable stage distribution, the proportional distribution of individuals among the
stages when the population is at equilibrium, is given by w,
the right normalized eigenvector corresponding to the dominant eigenvalue λ. The influence of each matrix element (aij)
on λ was assessed by calculating the sensitivity and elasticity
values for A. The sensitivity of matrix element aij equals the
rate of change in λ with respect to aij, which is defi ned by
δλ/δaij. Higher sensitivity values indicate greater influence on
λ. The elasticity of matrix element aij is defi ned as the proportional change in λ relative to the proportional change in
aij and equals (aij /λ) times the sensitivity of aij. One charac-
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teristic of elasticity analysis is that the elasticity values for a
transition matrix sum to unity (de Kroon et al. 2000; Caswell 2001). The unity characteristic allows comparison of the
influence of transition elements as well as the addition of a
series of transitions to assess the roles of different life cycle
stages or routes, a process called loop analysis. Loop analysis
permits comparison of pathways, which are more likely to
correspond directly to life history characteristics than individual elements (de Kroon et al. 2000; Caswell 2001). In a
loop analysis, the life history graph is decomposed into the
simple pathways of the life cycle, for example early and late
reproduction in the life history graph (Figure 1). Transition
elements with the highest elasticity values make the greatest
contributions to changes in λ, and similarly the life cycle pathway or loop with the greatest sum of eij values contributes the
greatest of the possible pathways.
Each model projection was run for 20 iterations (1 iteration
= 1 year). The initial conditions for age-specific abundance
equaled the baseline stable age distribution vector multiplied
by 1 × 10 6, simulating a small stream population with approximately 300 age 5 individuals. Two exposure scenarios
were modeled for each toxic impact. The fi rst is a constant
exposure over all iterations to represent constant inputs or
sediment loads of compounds. The second represents a one
generation exposure (5 years) occurring at model projection
years 1 through 5 by simulating a spill and remediation of
a contaminated site by either artificial or natural processes.
Impacts were assessed by determining the response percentages: the abundance at the end of the 20-year toxic impact
projection multiplied by 100 and divided by the abundance
in the baseline projection. Response percentages were calculated for total abundance as well as age-specific abundance.
For each constant impact projection, comparisons of the age
distribution at time t = 20 were made to the baseline output
by calculating each age as a percent of the baseline distribution. This was done to easily show the trends in response
across the different toxicity scenarios.
Immune suppression models
In defining the immune suppression models, it was assumed
that chronic immune impacts result in reductions to survival
only, that no compensation in energy balance occurs, and that
stress is too low to significantly alter somatic growth rates or
reproductive output. Research on Chinook salmon immunosuppression supports these assumptions (M. Arkoosh, DOC
NOAA Fisheries, Newport Research Station, Newport, OR,
USA, personal communication). Since chemical exposure is
known to occur during estuary residence for outmigrating
salmon, survival at age 1 is altered in all models by 10% of
the baseline survival rate to simulate the effect of a low-level
immune suppression. Chinook reared in contaminated estuaries have exhibited higher impacts due to immunosuppression
(Arkoosh et al. 1998). Effects on later stages, due to delayed
effects of estuarine exposure (Arkoosh et al. 1994, 1998, 2001;
Milston et al. 2003) or due to effects of additional open ocean
exposure (Krümmel et al. 2003), were modeled by reducing
survival at each age by 10% in a cumulative manner for age 1;
ages 1 and 2; ages 1, and 2, and 3; and so forth. Survival toxicity multipliers (STi) applied to the transition matrix represent
this cumulative mortality impact. This includes 10% reductions in each survival transition at age 1 (ST1); survival at ages
1 and 2 (ST1–2); survival at ages 1, 2, and 3 (ST1–3); and
survival at ages 1, 2, 3, and 4 (ST1–4).
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Reproductive models
The laboratory and field studies investigating reproductive toxicity discussed in the introduction led to the question
of whether chronic inhibition of reproductive function may
lead to population-level effects. Toxicity impacts relating to
reproductive inhibition were modeled. A 10% reduction in
various endpoints of reproductive output was chosen to be
conservative relative to acceptable impacts (Stephan et al.
1985), since actual reductions would depend on the chemical or mixture of interest. Measuring this level of impact in
the field would be difficult due to natural variability, but the
level is similar to levels of significant response observed in
laboratory tests (Healey and Heard 1984).
The reproductive inhibition models used in this study simulated toxic effects on reduction in fecundity, egg survival to
emergence, the number of adults spawning, alterations in the
time to reproductive maturity, and a combination of toxic effects reducing fecundity and adult survival. These reproductive characteristics were chosen because they are toxicity test
measurement endpoints as well as important factors in the life
history strategy of a population. The effects selected also reflect several types of exposure scenarios. Exposure before the
adult spawning migration can produce alterations in fecundity
and survival related to egg size and maternal transfer of toxic
compounds. Contaminant exposure during the spawning migration can increase adult mortality and straying. Exposure at
the spawning grounds can impact adult spawning behavior as
well as hatch success. These impacts on reproductive output
and number of spawners composed the first scenario simulated
by a 10% reduction in the reproductive matrix elements (R1–3,
first row of matrix) for reproductively mature ages 3, 4, and 5,
termed RT. Alterations in age to reproductive maturity are proposed effects of endocrine disrupters and constitute another set
of reproductive impact scenarios as an increase or decrease in
time to reproductive maturity for females (Adams et al. 1992;
Kime 1999). Augmenting the proportions of individuals maturing at ages 3 and 4 by 10% of each age imposed a decrease in the
age of maturity. Increases in the age of maturity were modeled
by reducing the proportions of individuals for all reproductive
age classes (3, 4, and 5) by 10%. The parameter for proportion
of reproductively mature females is integrated in the matrix reproductive values as well as survival terms S3 and S4.
Growth inhibition models
A quantitative relationship between growth and survival
or reproductive effects has not been established in field studies of Chinook salmon. Therefore, it was assumed that some
undetermined level of growth inhibition produces 10% reductions in reproduction and age-specific survival rates in
various combinations discussed above. These combinations
reflect several exposure scenarios. The primary scenario examines low-level exposures that produce reproductive toxicity at all ages in combination with cumulative mortality
impacts. The models included 10% reductions in RT and
survival during age 1 (ST1); RT and survival at ages 1 and
2 (ST1–2); RT and survival at ages 1, 2, and 3 (ST1–3); and
RT and survival at ages 1, 2, 3, and 4 (ST1–4). Ten percent
impacts were chosen to match the other survival and reproduction models for comparison. Another exposure scenario
encompasses effects that might occur from exposure at later
ages or bioaccumulation over time to reach a threshold of
effect. This scenario reduces reproduction at all ages and survival at age 3 and 4 (RT + ST3–4).
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Density-dependent models
Resource or habitat limitations normally influence the
fi rst-year survival rate in density-dependent fi sh populations
(DeAngelis et al. 1980). Therefore, the density-dependent
models were constructed using the S1 survival as the density-dependent factor. The growth rate at the population
equilibrium was assumed to be the same as the growth rate
in the density-independent models. The density-dependent
factor for fi rst-year survival (S1) was defi ned by a modified
Beaverton-Holt recruitment model (Grant 1998), S1 = (1 ⫺
bm)/(1 ⫺ [bm{1 ⫺ (N1t /N1max)}]), with a baseline mortality (bm) for age 1 of bm = 0.9959, age 1 abundance at time
t (N1t), and a maximal capacity (N1max) of age 1 individuals
of 1,000,000. Competition for limited and heterogeneously
distributed resources by subyearlings in the freshwater and
estuary habitats guided the selection of the Beaverton-Holt–
type equation, which produces a lower fi rst-year survival rate
with increasing subyearling density. The initial condition
for the abundance vector was the baseline equilibrium of
N(1.38 × 10 6 ; 4,105; 2,021; 1,077; 403). The toxicity models included the cumulative survival impacts ST1 to ST1–4,
reproductive impacts, RT, and combination impacts similar
to growth effects RT + ST1 and RT + ST1–4, all defi ned as
in the above density-independent models.

RESULTS
General model prospective analysis
The baseline density-independent matrix produced a
population growth rate (λ) of 1.081. Over a 20-year projection, the total abundance increases by 339%. The sensitivity
analysis of the baseline matrix places the greatest influence
on λ with fi rst-year survival (Table 1). The elasticity analysis
of the baseline matrix revealed that changes to the fi rst- and
second-year survival rates will have the greatest per unit effect on λ (Table 1). The loop elasticity analysis determining
the relative importance of the three reproductive pathways
(Figure 1C–E) confi rms that age 4 and age 5 reproductive
output contribute similarly to λ under baseline conditions.
The sensitivity analysis shows a lesser importance of age 5
reproduction, compared with age 4 reproduction, due to the
larger numbers of individuals reproducing at age 4 (Table 2).
The stable age distribution for the baseline model is age 1,
99.33%; age 2, 0.3811%; age 3, 0.1736%; age 4, 0.0855%;
and age 5, 0.0296%.
Immune suppression models
The population growth rates and their respective differences show the change in λ with each increment of the
cumulative immune suppression scenarios (Table 3). The
greatest calculated differences in λ result from changes to
S1 and S2. Loop elasticity analysis showed that as the immunosuppressive effects on survival accumulated from ST1
to ST4, the importance to λ of any changes in fi fth-year reproduction increases. Therefore, alteration of reproduction
of age 5 individuals would have a greater impact on λ when
the younger ages are impacted, since fewer individuals are
surviving to age 5. This trend holds until the survival transition to age 5 is impacted. When ST3 is added, λ drops by
0.021, but when ST4 is added, reducing the abundance of age
5 spawners only, the corresponding reduction in λ is half at
0.010. The sensitivity and elasticity values shift only slightly
for the various survival impact scenarios, with the impacted

Figure 2. Chinook population stable age distribution relative to baseline age
distribution resulting from cumulative constant 10% reduction in cumulative
survival transitions (ST1, ST1–2, ST1–3, ST1–4). Bars represent ages 1–5 from
left to right for each grouping. Calculation: (proportion age i impacted/
proportion age i baseline) × 100. All abundance values used were from
projection at 20 years.

transitions becoming more important than those not impacted (Table 2).
When the various impacts on survival are constant, the
total population abundance ranges from 35 to 78% below the
baseline projection values with no toxic impacts (Table 4).
After the spill and cleanup exposure (T1–5), the population
returns to baseline survival conditions. In this scenario the
reduction of only S1 by 10% can lead to the population being
10% below baseline within 20 years (Table 4). The age distributions show low, but consistent, shifts to slightly larger
fi rst-year groups, whereas the age groups immediately after
the last impacted survival transition (age 3 for ST2) show
the greatest decrease relative to the baseline age distribution
(Figure 2).
Reproductive models
Under the fi rst reproductive scenario (RT) in which reproductive contributions for ages 3, 4, and 5 are reduced by
10%, λ declined from 1.081 to 1.055 (Table 4). The increase
in elasticity values R5 and L5 indicates an increased influence on λ of age 5 through abundance and reproductive conTable 1. Matrix, sensitivity, and elasticity values for the
baseline Chinook model. Si and Ri represent survival and
reproductive transition elements from age i, respectively
Transition

Matrix value

Sensitivity

S1

0.004149

S2

0.4925

S3

0.5328

0.4136

0.20381

S4

0.3744

0.2688

0.09307

0.00041

0.03056

0.000202

0.11074

0.0000699

0.09307

R3
R4
R5

80.679
593.42
1440.4

61.084

Elasticity

0.5146

0.23437
0.23437

Loop 3

0.09167

Loop 4

0.44296

Loop 5

0.46535
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Table 2. Qualitative changes to sensitivity (S), elasticity (E), and loop elasticity (LE) values from baseline condition for
each scenario. The second row indicates the matrix element (i.e., survival age 1 = S1, reproduction age 3 = R3, reproductive loop age 3 = L3, etc.), with + (increase), ⫺ (decrease), and 0 (no change, <0.001) from the baseline value. Rep
= reproductive maturity
Scenario

S
S1

S2

S3

S4

R3

R4

R5

ST1

+

⫺

⫺

⫺

⫺

⫺

⫺

ST1–2

+

+

⫺

⫺

⫺

⫺

⫺

ST1–3

+

+

+

⫺

⫺

⫺

⫺

ST1–4

+

+

+

+

⫺

⫺

⫺

RT

⫺

⫺

⫺

⫺

+

+

+

RT + ST1

+

⫺

⫺

⫺

⫺

+

+

RT + ST1–2

+

+

⫺

⫺

⫺

+

+

RT + ST1–3

+

+

+

⫺

⫺

⫺

+

RT + ST1–4

0

0

0

0

0

0

0

Rep delay

⫺

⫺

⫺

⫺

+

+

+

Rep early

+

+

+

⫺

+

+

⫺

E
S1

S2

S3

S4

R3

R4

R5

LE
L3

L4

L5

⫺

⫺

+

⫺

⫺

⫺

+

⫺

⫺

+
+

ST1
ST1–2

⫺

⫺

+

+

⫺

⫺

+

⫺

⫺

ST1–3

⫺

⫺

⫺

+

⫺

⫺

+

⫺

⫺

+

ST1–4

+

+

⫺

⫺

+

+

⫺

+

+

⫺

RT

⫺

⫺

+

+

⫺

⫺

+

⫺

⫺

+

RT + ST1

⫺

⫺

+

+

⫺

⫺

+

⫺

⫺

+

RT + ST1–2

⫺

⫺

+

+

⫺

⫺

+

⫺

⫺

+

RT + ST1–3

⫺

⫺

⫺

+

⫺

⫺

+

⫺

⫺

+

RT + ST1–4

0

0

0

0

0

0

0

0

0

0

Rep delay

⫺

⫺

+

+

⫺

⫺

+

⫺

⫺

+

Rep early

+

+

+

⫺

+

+

⫺

+

+

⫺

Table 3. Population growth rates of baseline and immune suppression scenarios. STi represents a 10% reduction in survival of age i individuals to age i + 1. RT represents a 10% reduction in reproductive output for all mature ages (3–5).
The third column shows the change in λ for each additional insult. The fourth column shows the abundance difference
of age 5 individuals from initial conditions to projection time t = 20
Difference from
previous l

% Change from
t = 1 to t = 20

Survival scenario

l

Baseline Chinook

1.081

ST1

1.055

⫺0.026

+185

ST1–2

1.029

⫺0.026

+81

ST1–3

1.008

⫺0.021

+17

ST1–4

0.998

⫺0.010

⫺10

+339

Combination scenarios
Baseline Chinook

1.081

RT

1.055

⫺0.026

+192

RT + ST1

1.029

⫺0.026

+95

RT + ST1–2

1.004

⫺0.025

+24

RT + ST1–3

0.983

⫺0.021

⫺18

RT + ST1–4

0.973

⫺0.010

⫺35

+339
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Figure 3. Chinook population stable age distribution as a result of a constant
10% reduction in reproductive parameters over a 20-year projection.

tributions. The age distribution of this scenario shifted to a
gradually higher proportion of age 2, 3, 4, and 5 individuals
relative to the baseline (Figures 3 and 4). At the end of a 20year constant exposure scenario for RT, the abundance values for ages 1 and 5 were 60% and 66% of the baseline run,
respectively (data not shown). The differences between age
groups reflect the change in the age distribution toward older
individuals (Figures 3 and 4). Although constant exposure
produced a total abundance of 60% of baseline at 20 years,
after exposure from years 1 through 5, the 20-year projected
population was approximately 86% of baseline.
Toxic exposure affecting adults returning to spawn was
depicted as a 10% reduction in both fecundity and adult
spawning migration survival. In RT, a value of 0.9 was used
as a multiplier for R3, R4, and R5 and alteration of fecundity
and spawning migration survival used a multiplier of 0.81
(0.92). The responses were more extreme than those of fecundity and adult migration survival alone, but had the same
age distribution, sensitivity, and elasticity values (Figures 3
and 4). The population growth rate was reduced to 1.029,
a change from RT of ⫺0.026. Similar trends were observed
since the same transition elements were altered in a consistent manner by using the same multiplier for all of the
values. After the 20-year constant exposure projection, the
abundance values ranged from 36% of baseline for age 1 to
43% of baseline for age 5 (data not shown).
Alterations of the age of female reproductive maturity compose the second set of scenarios. When the age at reproduction is delayed by 10%, the number of reproductively mature
individuals is multiplied by 0.9 for ages 3, 4, and 5. Fewer fish
reproducing at ages 3 and 4 results in a larger number surviving
to ages 4 and 5, leading to greater reproductive contributions
for those year classes. An additional age 6 was not added for fish
that do not mature at age 5 since ocean-type Chinook rarely
reproduce after age 5 (Groot and Margolis 1991). The population growth rate dropped to 1.069 for this scenario compared
with the baseline value of 1.081. The sensitivity values for survival decreased from the baseline and those for reproductionincreased (Table 2). The elasticity values reveal a large increase
in influence of the age 5 reproduction and survival and proportional drop in age 3 and 4 contributions to changes in the
growth rate due to the increase in older individuals (Table 2).
The reproductive contribution of age 4 remains important, but
lesser than in the baseline scenario. The age distribution has
shifted to a larger proportion of age 5 abundance as is depicted
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Figure 4. Chinook population stable age distributions relative to the
baseline age distribution as a result of a 10% reduction in each reproductive
parameter. Calculation: (proportion age i impacted/proportion age i baseline)
× 100. All abundance values used were from projection at 20 years.

in Figure 4. After the 20-year constant impact projection, age
1 and age 5 abundance values were 77 and 91% of the baseline run, respectively. After 20 years, the total abundance was
approximately 77% of baseline. When the effects of delayed
maturity were limited to the first 5 years of the projection, the
final total abundance was 96% of baseline (Table 4).
When the age at reproduction is decreased, the proportion
of reproductively mature individuals for ages 3 and 4 is multiplied by 1.10 such that 10% more females are reproductively
mature at each age. Although this increases reproduction at
ages 3 and 4, the subsequent mortality decreases the number
of individuals surviving to ages 4 and 5. The population growth
rate increases slightly from 1.081 to 1.082, resulting in a total
abundance that was 102% of baseline after 20 years (Table
4). The sensitivity and elasticity analyses highlight a shift to
increased importance of changes in early survival (S1 and S2)
and age 3 and 4 reproduction (Table 2). This corresponds with
a slight shift in the age distribution to fewer age 5 individuals,
with only 89% of baseline after 20 years (Figure 4).
Growth inhibition models
The fi rst set of growth inhibition models evaluated consistent reductions in reproductive and survival transition
elements, combining the RT and cumulative mortality scenarios. The population growth rates and differences for 10%
reductions in reproductive and survival rates reflect the additive effects of combining the RT and STi scenarios (Table 3).
As in the immune suppression models, reduction in survival
rates to ages 4 and 5 produced lesser net differences. The
same pattern and net changes were produced with the addition of each insult to the survival transition elements. After
the addition of ST3, the response percentages for the constant exposure range from 14 to 18% (Table 4). The addition
of each survival impact reduces the relative abundance of
the following stage until all transitions are impacted and the
distributions are similar to baseline in RT + ST1–4 (Figure
5). Similar to the immune suppression scenarios, the sensitivity and elasticity analyses show an increased importance
and proportional contribution of the age 5 reproductive loop
when the earlier survival transitions (ST1–3) are impacted
(Table 2). This holds until the survival transition from age
4 to age 5 is impacted, since the combined impact is calculated by multiplying all nonzero elements in the transition
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Table 4. Response percentages for toxicity scenarios relative to baseline. STi represents a 10% reduction in survival of
age i individuals to age i + 1. Exposure regimes include constant (all 20 years of projection) and T1–5 (projection years
1–5). STi represents a 10% reduction in survival of age i individuals to age i + 1. RT and reduction of fecundity (fec) and
adult survival represent 10% reductions in respective aspects of reproductive output for all mature ages. Reproductive
delay and early maturity alter the proportion of reproductively mature females in ages 3 and 4 by 10%. The last column
shows the effect of a 25% impact on select scenarios
Scenario

Exposure

% Baseline 10% impact

% Baseline 25% impact

ST1

Constant

65

31

T1–5

90

76

Constant

41

T1–5

82

Constant

28

T1–5

75

Constant

23

T1–5

72

Constant

60

27

T1–5

86

71

Delay
reproductive
Maturity

Constant

77

T1–5

96

Early
reproductive
Maturity

Constant

102

T1–5

100

Reduce fec
and
Adult survival

Constant

36

T1–5

76

RT + ST1

Constant

40

8

T1–5

80

54

RT + ST1–2

Constant

26

T1–5

70

RT + ST1–3

Constant

18

T1–5

64

Constant

14

0.5

T1–5

60

26

ST1–2
ST1–3
ST1–4
RT

RT + ST1–4
RT + ST3–4

Constant

35

T1–5

80

matrix A by a constant (0.9). Multiplying the matrix by a
scalar results in no change in elasticity or sensitivity from the
baseline (data not shown).
The reproductive and adult survival impact scenario (RT
+ ST3 + ST4) produces a population growth rate of 1.026,
higher than when the earlier transitions are altered, such as
RT + ST1–2 (Table 3). This can be attributed to the increasing relative abundance of ages 3 and 4 (Figure 5) and the high
reproductive contribution of age 4.
Density-dependent models
Under constant impact conditions the density-dependent
model output shifts to a new, lower equilibrium abundance
(Figure 6). When ST1 is the only impacted survival transition, there is no alteration of age distribution from the baseline due to survival rate compensation at this stage (Figure

6). In all other cases, a new equilibrium and a new age distribution result for each type of insult. Density-dependent
compensation in the ST1 scenario produces a lower equilibrium but no change in the age distribution. Additional insults to survival in the cumulative models produce a further
decrease in each stage after the insult as well as a decrease
in reproduction and age 1 individuals (Figure 6). Densitydependent compensation yields a relatively constant proportion of age 2 individuals. The RT scenario has no impact on
the age distribution for ages 2 to 5 because of the survival
compensation afforded by the density dependence of the reduced abundance of age 1 individuals.
When the exposure for all toxicity scenarios was limited
to one generation (T1–5), the abundance values initially
dropped to the new equilibria, equivalent to those in the
constant impact models. After the exposure ended at year
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Figure 5. Chinook population stable age distributions relative to the baseline
age distribution resulting from 10% reductions in survival and reproduction
due to growth inhibition. Calculation: (proportion age i impacted/proportion
age i baseline) × 100. All abundance values used were from projection at
20 years.

Figure 6. The new equilibrium values for each age group from the constant
toxic impact scenarios represented as the percent of baseline equilibrium
abundance for the density-dependent models. Values along the bottom
indicate the percent of baseline equilibrium abundance for total abundance
at t = 20.

5, the abundance returned to the baseline values within 9
years, or less than two generations.

caused by toxic insult will result in increased smolting and
fi rst-year overwintering mortality.
The ST1 scenario from our study may best characterize
the above factors related to reductions in somatic growth in
Chinook salmon. This encompasses the multiple size thresholds that must be surpassed for survival during the fi rst year
of life. Heintz et al. (2000) observed that fi sh surviving juvenile growth inhibition exhibit an average length upon returning to their natal stream, but not necessarily an average
weight, which may translate into lower reproductive success.
Fish with a lower condition factor (i.e., lower weight/length
ratio) have increased oocyte atresia and decreased fecundity
(Trippel et al. 1997; Laine and Rajasilta 1999; Kurita et al.
2003). In addition, a direct relationship between reduced fecundity and female body length has been observed over time
in Chinook and coho salmon at the University of Washington
hatchery (Quinn et al. 2000). The RT + ST1 scenario may
best fit cases when somatic growth inhibition also leads to
reductions in reproductive output due to lowered condition
or length.
The concept of delayed effects, impacts that extend beyond the life stage in which the exposure occurs, as depicted
in our cumulative models, is not new and has been observed
in salmon. Studies in our laboratory indicate that when juvenile Chinook salmon are exposed to PAHs, they experience
both somatic growth reduction as well as increased mortality
when subjected to overwinter starvation. In addition, Heintz
et al. (2000) observed a significant reduction in survival to
maturity in pink salmon (Oncorhynchus gorbuscha) exposed
to crude oil during embryonic development in an experiment
that was initiated with the release of healthy-looking smolts.
These studies may reflect only the growth effects on mortality at age 1, but it is not certain.
There is a growing body of evidence demonstrating that
sublethal effects on individual organisms are occurring after
exposure to environmentally relevant concentrations. The
examples that follow represent a few of the studies that have
shown low-level effects in salmonids. Field studies by Arkoosh et al. (1998, 2001) documented significant and longterm immunosuppression in Chinook salmon with concentrations of total PAHs in stomach contents as low as 8 ppm
wet weight, far lower than stomach contents of fi sh collected
in urban estuaries that ranged up to 365 ppm wet weight
(Varanasi et al. 1993). Other studies have simulated environmental conditions in a laboratory setting by exposing eggs
and larvae to extracts of contaminated sediments. Heintz et

DISCUSSION
Sublethal effects from toxic exposures have been implicated as important factors in population decline. Sibly et al.
(2000) concluded that both the sublethal and lethal impacts
of dieldrin contributed to the rapid decline of sparrowhawks
in parts of Great Britain. Declines in estuarine and coastal
fi sh populations were noted by Matthiessen and Law (2002)
while reviewing impacts of estuary and nearshore contamination. Kroglund and Finstad (2003) observed lower marine
survival in Atlantic salmon (Salmo salar) after presmolt exposure to low concentrations of aluminum in acidic freshwater.
The purpose of this modeling study was to determine how
various types of sublethal toxic impacts may be expressed at
the population level based upon the life history strategy of
the species of concern, Chinook salmon. Low-level effects
were shown to produce consequential reductions in abundance for most of the model scenarios. The overall goal was
to gauge potential impacts due to contaminant exposure and
to compare different biological responses. Application of the
approach discussed in this paper to regulatory or research efforts must combine the analysis presented here with specific
knowledge of the exposure and life history characteristics of
the species of interest.
Due to the anadromous and semelparous life history of
Chinook salmon, impacts of somatic growth reductions may
differ from those observed in other species. Reductions in the
somatic growth rate of salmon fry and smolts are believed to
result in increased size-dependent mortality (Healey 1982;
West and Larkin 1987), primarily because they must reach
a critical or threshold size to successfully transition from
freshwater to seawater (smoltification) (Beamish and Mahnken 2001). A second threshold size has been hypothesized
for survival over the fi rst winter in the open ocean (Beamish
and Mahnken 2001). Coded wire tag studies have shown
that fi sh that survive to their fi rst winter but are smaller than
the threshold size to meet minimum metabolic requirements
do not survive the winter (Heintz et al. 2000; Beamish and
Mahnken 2001). Observations have shown a normal distribution of sizes entering the threshold life stage and a loss
of individuals from the lower tail of the distribution below
the threshold size, resulting in a larger mean size for survivors (Beamish and Mahnken 2001). These studies suggest
that the primary influence of reductions in somatic growth
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al. (2000) used this method to show decreased growth and
marine survival in pink salmon exposed 5.4 ppb to PAHs
during development, simulating exposure to weathered
crude oil. In another study, 4-d-old surf smelt exposed for
96 h to sediment extracts of 11 and 29 ppm total PAHs exhibited increased mortality, decreased length, and increased
abnormal larvae (Misitano et al. 1994). Rice et al. (2000)
found a severe growth reduction in English sole (P. vetulus)
fed polychaete worms exposed to a 0.1% dilution of sediment from Eagle Harbor, Washington, USA. The total PAH
tissue concentration in worms of 11.3 ppm (wet weight) fed
at 6% body weight/d was high enough to reduce the growth
rate in fi sh by 10- to 25-fold. These studies represent a few
examples of sublethal effects in organisms exposed to environmentally relevant concentrations of contaminants and
support our choice of model scenarios that examine such
low-level responses.
A toxic impact resulting in a 10% reduction in survival
rates is often considered acceptable in regulatory situations
and is usually within the limits of statistical nonsignificance
for toxicity tests (Suter 1993). At this impact level, the
results of our study indicate a substantial reduction in the
growth rate of the population (Table 4). When the various
effects are constant, the total population abundance ranges
from 35 to 78% below the values projected with no toxic
impacts (Table 4). The one-generation exposure during projection years 1 to 5 (T1-5) simulates the effects of a spill
and cleanup scenario. After the exposure, the population
exhibits baseline survival and reproduction conditions. In
the density-independent models, a recovery to match baseline abundance is not possible since the impacted population
abundance will experience a time lag related to the time of
exposure and the resulting age distribution. This can result
in long-term impacts to abundance after chronic toxicity exposures. The reduction of fi rst-year survival by 10% for 5
years can lead to the population being more than 10% below
its potential baseline abundance 15 years after cessation of
exposure. Snell and Serra (2000) modeled the impacts of
changes in the instantaneous rate of population growth, r,
on rotifer populations at lower impact levels than were tested in this study. They found that population viability was
significantly reduced and extinction became more likely at
purportedly safe toxicant concentrations (e.g., no observed
effect concentrations [NOEC]), although only very small
changes in r were observed.
It is important to keep in mind that these results reflect
the impact from a single stressor. When multiple stressors
are considered, the impact to population dynamics will be
that much more complex and may lead to larger population
perturbations. Continued immune suppression after the
initial exposure during the estuary residence could provide
those additional effects, even if only a few cohorts are exposed (Table 4).
As described above, even in the laboratory measuring a
10% reduction in an endpoint as a significant difference from
control can be difficult, requiring large sample sizes and precise endpoints. Low-level effect concentrations, such as an
EC10, are most often calculated from a dose-response curve
and not directly measured. In the field, measuring population- or community-level changes in metrics often carries a
variance of ±20% due to natural variability and measurement
limitations. To demonstrate how the models respond to measurable impacts, additional model runs were conducted us-
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ing a 25% reduction in each of the survival and reproductive
parameters. The constant impact models for ST1, RT, and
RT + ST1–4 resulted in response percentages of 31, 27, and
0.5% of baseline, respectively. The spill and cleanup scenario
(T1–5) for ST1, RT, and RT + ST1–4 resulted in response
percentages of 76, 71, and 26%, respectively (Table 4). Output from these models followed the same trends in sensitivity, elasticity, and age distributions as the 10% models, but
with a greater magnitude of change. This demonstrates that
regardless of the magnitude of the effect, the impact, such
as decreased survival and reproduction related to somatic
growth reduction, will lead to a similar pattern of response,
particularly with respect to population age structure. The
response patterns reflect the impacted life history stages as
seen in the shifts in the stable age distributions (Figures 2,
4, and 5). Although accurate means of measuring this level
of age distribution change for populations in a variable environment are unavailable, management and regulatory decisions need to recognize these potential population-level
responses.
First-year survival (S1) (Table 1) has been identified by
these models as the factor that has the greatest impact on
the Chinook salmon life history strategy. The importance of
S1 to the population growth rate agrees with other models
of Chinook salmon (Ratner et al. 1997; Kareiva et al. 2000).
Unfortunately, this vital life stage corresponds with utilization of estuarine and nearshore habitats, which often contain
the highest concentrations of contaminants and maximal
exposure. Other important effects for Chinook salmon appear to be impacts that decrease the number of age 4 and 5
spawning females. Growth effects that occur prior to the size
thresholds for smoltification and the fi rst winter at sea will
have large impacts on population growth rate. Any impacts
to the fi rst-year survival in density-independent populations
will have greater relative effects than impacts on subsequent
survival or on reproductive endpoints, such as fecundity, because it is common to all of the reproductive loops. This is
not to say that the reproductive endpoints should be disregarded, particularly if density dependence is suspected, but
emphasis should be placed upon fi rst-year survival (e.g., S1).
For example, immune suppression reduced total population
abundance and altered the age distribution even when only
the juveniles in smolt stage were exposed during the estuary residence (ST1 in Table 4). Low-level episodic exposures
may not produce a large change in abundance, but a continuous low-level exposure can produce dramatic effects (Table
4). Other measurement endpoints that should be considered
and modeled are behavioral responses. For example, a study
by Scholz et al. (2000) has shown that Chinook salmon
exposed to environmentally relevant concentrations of diazinon exhibited behavioral changes that reduced predator
avoidance and increased straying during migration.
Debate remains about whether Pacific salmon populations
experience density-dependent population dynamics and
how it should be incorporated into population models (Peterman 1980; Grant 1998; Grant and Benton 2000; Kareiva
et al. 2000; Sabo et al. 2004; Todd et al. 2004). Density
dependence has been observed in some populations during
the freshwater, estuary, and early marine survival stages, but
not all populations examined have shown these dynamics
(Peterman 1980). It has been suggested that salmon listed
under the ESA have too low an abundance to trigger most
density-dependent dynamics (Kareiva et al. 2000). Previ-
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ous simulation studies have suggested that toxic impacts will
have a lesser effect on density-dependent populations than
on density-independent populations (Grant 1998; Forbes et
al. 2001). Grant and Benton (2000) determined that even
in stochastic environments an elasticity analysis of λ for a
density-independent population provides an accurate approximation for the density-dependent population, provided
the density dependence is limited to certain life stages, not
autocorrolated with stochasticity and not involving bifurcation to nonlinear dynamics. Only the freshwater and estuary stages of Chinook are hypothesized to experience density dependence, and nonlinear dynamics are not suspected.
Therefore, in our study we applied generalizations identified
for density-independent models to the density-dependent
models (Kareiva et al. 2000; Caswell 2001). Because density-dependent compensation is modeled for year class 1 (e.g.,
S1), the most important transition according to our elasticity and sensitivity analysis, the focus for effects shifts to the
other factors that directly alter the number of spawning females (e.g., survival transitions to later ages S2, S3, and S4),
which were important phases for the density-independent
models. A possible caveat to this is the possible timing of the
toxic effects and density-dependent compensation. Since the
modeled freshwater and estuary exposures produce delayed
effects, toxicants may not impact S1 until the fi sh has moved
away from the nearshore, after the potential for density-dependent compensation has passed. If this were the case, density dependence during S1 would not likely compensate for
impacts until the exposed cohorts reproduced. In this case
the ST1 scenario would act more like the ST1–2 scenario and
decrease the abundance of ages 1, 3, 4, and 5 (Figure 6). Due
to the uncertainty of the timing and extent of the density dependence in Chinook populations, potential impacts should
be assessed without relying on the possibility of density-dependent compensation until more data become available.

that mature at a younger age and has been observed in coho
and Chinook (Roni and Quinn 1995; Quinn et al. 2000).
Younger fi sh, being smaller, often have a lower fecundity and
hatch rate (Bagenal 1969; Healey and Heard 1984; Wootton
1992; Roni and Quinn 1995). Possible changes in individual
productivity are not always obvious without long-term monitoring due to the sheer abundance of younger spawners. For
these reasons, we recommend incorporation of both specific
demographic and stressor attributes into the models for use
in the decision-making processes.
The relative rankings of the various endpoint impacts will
likely apply to other salmonids, but with extreme caution,
as the models discussed here are specific to ocean-type Chinook. Further study on other life history types is ongoing to
investigate how broad these fi ndings may apply. Stressor responses in conjunction with life in a stochastic environment
also need to be considered. For example, the effect of smolt
size on marine survival becomes particularly important during unfavorable marine conditions, but less so during favorable conditions (Holtby et al. 1990).
It was not our intent in this study to determine the impacts of chemical contaminants relative to other impacts
wild Chinook salmon may experience. Natural variability,
habitat degradation, or harvest practices would likely mask
the levels of impact modeled here. However, that does not
remove the consequence of the toxicant impacts on the
populations. This study provides insight toward identifying
potential sources of impact that result from human activity to target for remediation. Reclaiming extensive areas of
habitat or improving ocean productivity may address larger
impacts to salmon recovery, but these options are often not
feasible. Reducing exposures of juvenile salmon to anthropogenic contaminants in freshwater, estuary, or nearshore
marine habitats may be more practical while substantially
contributing to population persistence.

APPLICATION

CONCLUSION

The fi ndings in this study emphasize the importance of
integrating demographic traits along with specific stressor
attributes into risk assessments. When modeling is done for
specific prospective risk assessments, they should incorporate
not only the life history characteristics of the focal species,
but also the aspects of the life history that may be impacted
by the stressor. This study demonstrates that EC10 values for
various endpoints such as immune function, somatic growth,
or fecundity should not be treated as equivalent impacts. The
demographic traits impacted vary according to the stressor,
and the relative importance of those traits depends on the
life history strategy of the focal species. For instance, from a
demographic point of view, impacts to fi rst-year survival of
Chinook salmon, in the absence of density dependence, will
produce the greatest impacts to abundance and age structure.
As an example, growth inhibition affecting both size-dependent survival and reproductive contributions will likely produce a greater change in the population abundance and population growth rate than commensurate impacts on immune
function or reproduction individually. Assessment of the age
structure reveals distinctions between types of impact based
on the demographic traits involved. Although wild populations will not reach a stable age distribution, they will tend
toward these proportions and may affect changes in evolution of the life history traits. Increasing mortality of older
fi sh, through toxicity or harvesting, selects for individuals

The objective of this study was to determine how various
sublethal toxic impacts and their measured endpoints may
be expressed at the population level based on the life history characteristics of the population of concern. The main
effects on Chinook salmon modeled in this study were expressed in the output as abundance reductions and shifts in
the stable age distribution. These effects would not likely be
observed in normal abundance surveys due to natural variability. Without specific baseline data on abundance and
age distributions, observing these low-level impacts would
require intensive long-term monitoring. Although identifying these effects in natural systems may be difficult, this
study serves to identify potential impacts before they can be
measured, whereas appropriate precautionary actions may
be taken to reduce the repercussions (Santillo et al. 1998).
Combinations of stressors found in the natural environment
may also complicate interpretation of monitoring data. The
results of this study support the hypothesis that fi rst-year
survival has the greatest influence on altering the population growth rate for ocean-type Chinook salmon. For this
reason, conservation and regulatory efforts should focus on
the impacts during fi rst-year stream and estuary residence
as well as migration to the ocean. Findings from this study
also suggest that focus needs to be on studies that examine
delayed effects from toxic exposure and that link body size
and survival to reproductive output.
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